One sentence summary: The river bottom represents a reservoir of antibiotic resistance but a dramatic contamination of stream water due to sediment resuspension is unlikely.
INTRODUCTION
Controlling the spread of antibiotic resistance in pathogens is one of the major challenges humankind is faced with (D'Costa et al. 2006; Livermore 2009) . Although the ultimate solution certainly lies in the restrictive use of antimicrobial drugs, a deeper understanding of the fate and proliferation of antibiotic resistant bacteria (ARB) and antibiotic resistance genes (ARGs) in the environment is necessary from a risk management perspective. Surface waters play a vital role for drinking water production and human recreation, nevertheless they are chronically polluted with antibiotics (see, e.g. Wu et al. 2016; Zhao et al. 2016; Dinh et al. 2017) as well as with ARB and ARGs (Zhang et al. 2014; Amos et al. 2015; Caucci et al. 2016; Karkman et al. 2016) . The mechanisms governing transport, transient storage, and proliferation of ARB and ARGs in those aquatic systems are currently not well understood.
Since the majority of bacteria is known to live in association with surfaces (Davey and O'toole 2000) , the role of biofilms deserve special attention. Attached bacteria in the hyporheic zone, for example, are sheltered from instant wash-out, radiation, and planktonic predation, while accumulated organic matter provides the substrate for growth. Many studies found bacterial density and activity in river bottom sediments to be elevated in comparison to the water column (e.g. Edwards and Meyer 1990; Fischer and Pusch 2001) . Furthermore, increased rates of horizontal gene transfer were observed in surface-attached cultures (Molin and Tolker-Nielsen 2003; Madsen et al. 2012) even though biofilms are not necessarily 'hot-spots' in general (Stalder and Top 2016) . Combining the current knowledge summarized in, e.g., Balcázar, Subirats and Borrego (2015) , it is plausible to hypothesize that bottom sediments serve as a reservoir of both ARB and ARGs in polluted aquatic systems.
In the presented case study, we explored the occurrence of ARB and ARGs in a small German stream (Lockwitzbach, Fig. 1 , total catchment: 84 km 2 , mean runoff: 4.1 l s −1 km −2 ). In particular, we aimed to understand the role of the river's bottom sediments as a reservoir of ARB and ARGs that can be mobilized via resuspension. The major part of the work was targeted at a comparison of stream water and sediments with respect to the relative frequency of phenotypic resistance and the relative abundance of resistance genes in the bacterial community. The potential impact of sediment remobilization on the load of ARB in the water column was assessed by means of a simple scenario calculation.
Escherichia coli was selected as the model organism to study phenotypic antibiotic resistance. Although the proportion of E. coli in the environmental bacterial community is low, the species is not only a common indicator of fecal contamination, but it was also proposed for monitoring antibiotic resistance in environmental settings (Berendonk et al. 2015) . Escherichia coli can potentially be involved in the lateral transfer of resistance (Wright 2010; Forsberg et al. 2012) . Culturable E. coli were enumerated and the susceptibility of isolates was tested against 24 antimicrobials commonly used to treat the respective infections (Table 1) . Compared to many recent publications (see, e.g., Table 1 in Balcázar, Subirats and Borrego 2015), we analyzed a relatively large culture-based dataset.
As a complement to cultivation, the incidence of five relevant resistance genes within the microbial community was measured by qPCR. The genes bla , bla OXA-58 and mecA were studied because of their relevance in human medicine. The presence of those genes in the particular river has not been explored before. The more ubiquitous genes tetC and sul1 are typically considered in studies on the environmental abundance of ARGs. Here, the two genes were primarily measured for the purpose of comparison and plausibility checking. Apart from the quantification of ARGs, the qPCR technique was also used to estimate the abundance of total bacteria (via 16S rRNA gene) as well as the abundance of E. coli, covering both the culturable and nonculturable fraction.
MATERIALS AND METHODS

Sampling
Samples were taken from the Lockwitzbach main stream at two sites (Fig. 1, labels A and B) . The particular sites were selected because of their exposure to noticeable but different loads of treated municipal waste water. The cumulated population equivalents of the plants affecting site A and B are 5000 and 15 000, respectively (source: Treatment plant inventory of the state of Saxony). The bottom sediment of both sites mainly consist of sand and silt, mixed with gravel. Organic matter accounts for approximately 2-5% of dry weight.
Sampling was done at least once in a month from October 2016 to April 2017 (2016 -10-25, 2016 -11-07, 2016 -11-22, 2016 -12-13, 2017 -01-10, 2017 -02-14, 2017 -03-06 and 2017 . The sampling period was chosen with regard to the fact that, during summer, flood plains and river banks are populated by cattle that drop considerable amounts of manure directly into the river.
The sampled volume of surface water (single samples per site and time point) was 2 l at each site. Sediment material was captured by pushing a transparent plastic tube (height 5 cm, inner diameter 6.5 cm) vertically into the river bottom so that the tube's upper end was flush with the surface. After carefully covering both ends of the cylinder with transparent plastic plates, the bulk sample (166 cm 3 ) consisting of solids and pore water was transferred into glass bottles. Three independent replicate samples from each site were taken and separately analyzed. Sterile glass bottles were used for intermediate storage of the sediment and water samples at 4
• C before processing within 12 h after sampling. The distance between sampling sites and the treatment plants' effluent pipes was chosen large enough to allow for complete mixing. Complete mixing was confirmed through measurements of electric conductivity (EC) along and across the river. At plant 1, for example, EC of the effluent is ≈ 1000 μS cm −1 compared to only 400 in the stream.
'Sample processing and isolation of E. coli'
To enumerate the number of culturable Escherichia coli cells 1, 10 and 100 ml of river water as well as 100 μl, 1 mL and 10 mL of the effluent from treatment plant 1 were filtered in duplicates (pore size 0.2 μm, cellulose acetate filters, Sartorius; Göttingen, Germany). The filters were subsequently laid on mFC-agar (Carl Roth, Karlsruhe, Germany). After 18 ± 2 h of incubation at 44
• C blue colonies were counted and the abundance of culturable E. coli cells per ml was calculated. Sediment samples were treated with sterile 0.1% sodiumdiphosphate (Na 4 P 2 O 7 ) solution (20 ml per 100 g fresh weight). The samples were subsequently shaken for 20 min (450 rpm; room temperature) to detach bacteria from particles and transfer them to the pore water (Preuss and Hupfer 1998). In the remainder of this article, the term 'enriched sediment pore water' (ESPW) is used to refer to the sample's liquid phase after the combined chemical and physical treatment.
To check the efficiency of cell detachment from particles, E. coli counts in the processed sample's liquid phase were compared to counts in the natural pore water (four samples from different sites, replicate plating). Treatment with Na 4 P 2 O 7 and shaking increased cell counts by factors of 11-50 in comparison with natural pore water (lower and upper percentile). Hence, only a minor fraction of the cells found in ESPW was originally suspended in the pores, whereas the vast majority was mobilized from particle surfaces. Ultrasonic treatment did not increase the yield further.
Volumes of 100 and 200 μl of the ESPW were plated on mFC-agar in triplicates and incubated as described above. To obtain pure cultures, up to 12 blue colonies per sample were streaked on Brilliance agar (Oxoid, Wesel, Germany) and grown overnight at 37
• C. To identify these isolates as E. coli, colony PCR was performed using species specific primers amplifying a fragment of the yccT gene (Clifford et al. 2012 
Antibiograms
The susceptibility of isolates was tested for 24 antibiotics ( (Fig. 1) .
Total community DNA extraction and qPCR
To extract DNA from water (single samples per site and time point) and sediment (three independent replicates per sampling site and time point), 500 ml of river water, 300 ml of the effluent of the waste water treatment plant as well as 10 ml of ESPW (see Section Sample processing and isolation of E. coli)
were filtrated through polycarbonate filters (pore size 0.2 μm;
Whatman, Maidstone, Great Britain). The filters were stored at −20 • C before DNA was extracted using the PowerWater Kit (MoBio, Vancouver, Canada). DNA was extracted at latest one week after sampling. The eluates of duplicate extractions were pooled and the obtained DNA concentration as well as the quality was measured using NanoDrop (Thermo Scientific, Waltham, USA). The obtained amounts of DNA ranged between 10 and 15 ng yl −1 for the plant's effluent, between 5 and 10 ng yl −1 DNA for stream water and between 50 and 150 ng yl −1 DNA for the sediment. The extracted DNA was stored at −20 • C before further analyzing (up to 6 months). For quantification of 16S rRNA gene copies (estimate for the abundance of total bacteria) and yccT copies (abundance of total E. coli cells) as well as of the ARGs sul1, tetC, mecA, bla , and bla KPC-3 , 10 ng of DNA per reaction were used as template. The qPCR-SYBRgreen assays (total volume of the assays: 20 μl; 10 μl Luna Universal qPCR Mastermix (New England Biolabs, Ipswich, USA), 0.5 μl of the 10 pM forward and reverse primer solutions, respectively, 9 μl of water containing 10 ng DNA) were performed using the VAPO Masterycler (Eppendorf, Hamburg, Germany). The primers used to quantify the respective ARGs and the 16S rRNA gene were previously published. The relevant references are Szczepanowski et al. (2009) for sul1, mecA, bla and bla KPC-3 as well as Tamminen et al. (2011) for tetC. As standards, the pNORM plasmid was used to quantify 16S rRNA gene copies and sul1 copies (both designed by Ch. Merlin for the NORMAN project; www.norman-network.net) and pUC19 plasmids with the respective inserts were used to quantify the genes yccT, tetC, mecA, bla OXA-58 and bla KPC-3 . The detection limit was 10 2 copies per reaction for all genes. The efficiency of these assays was between 0.9 and 1 with R 2 > 0.997 for all the runs. All genes were quantified in duplicates with a standard deviation of cycle numbers < 0.2. Note that the procedure of DNA extraction from sediment samples differed from the conventional method where DNA is retrieved directly from solid matter by means of specialized kits (see, e.g. Xiong et al. 2014; Devarajan et al. 2016; Calero-Cáceres et al. 2017) . Here, due to the 'indirect' extraction of DNA from the ESPW, the same kit was applicable to samples from both compartments, water and sediment. In that way, a methodological bias due to varying lysis characteristics of different extraction kits was excluded.
RESULTS AND DISCUSSION
Bacterial densities in water and bottom sediments
Differences between the compartments Bacterial densities in the ESPW were found to be elevated in comparison to stream water (Fig. 2) . The abundance of 16S rRNA gene copies, used as a proxy for total bacteria, exhibited a mean sediment-to-water ratio of 52 and 20 at sampling site A and B, respectively (interquartile ranges, IQR: 12-84 and 5-35; based on copies ml −1 of bulk volume). A similar accumulation in the sediment was observed for the yccT gene, being a proxy for total E. coli cell numbers. The mean sediment-to-water ratios at site A and B were 46 and 23 (IQR: 16-65 and 12-29). Regarding culturable E. coli, the distinction between the two compartments was less pronounced. Here, the abundance in the sediment (CFU ml −1 bulk volume) exceeded the corresponding water-column level by factors of 12 and 3 at sites A and B (IQR: 3-18 and 1-4). Except for the last value (culturable E. coli at site B), all reported sediment-towater ratios were greater than one at the 5% level of significance. Generally, the enrichment of bacteria in the river's bottom sediments coincided with observations in other rivers (see, e.g. Edwards and Meyer 1990; Naegeli and Uehlinger 1997; Fischer and Pusch 2001; Droppo et al. 2009 ). Settling of suspended particles loaded with bacteria or direct attachment of cells to interstitial surfaces are considered the primary reasons for the enrichment of bacteria in bottom sediments (Schillinger and Gannon 1985; Auer and Niehaus 1993; Jamieson et al. 2005a) . The microbial density in the hyporheic zone might further be increased by growth, e.g. in response to an accumulation of organic substrate, or due to shelter from predation (Davies and Bavor 2000) .
The enrichment factors found here are relatively low compared to other systems where bacterial abundances in sediment and water diverged by several orders of magnitude (Irvine and Pettibone 1993; Buckley et al. 1998) . This might partly be explained by low water temperatures during the study period (2-13
• C) which is suboptimal for the growth of fecal bacteria (Howell, Coyne and Cornelius 1996) . Based on the results of Hirotani and Yoshino (2010) , we would expect to find increased abundance of E. coli at higher temperatures. Alternatively, the weak enrichment of bacteria in the studied sediments might be explained by its low content in organic substrate (≈2-5% weight loss on ignition at 520 • C). The findings of Irvine and Pettibone (1993) suggest that higher enrichment factors could be found in zones where organic matter accumulates. Apart from that the observed sediment-to-water ratios were conditioned on the method used to extract culturable cells and DNA from fresh sediment samples. While the treatment with sodiumdiphosphate was shown to mobilize a significant amount of bacteria (see Section 'Sample processing and isolation of E. coli'), it does not warrant complete detachment. Lavergne et al. (2014) found that the efficiency of cell detachment can be increased by a factor of about 2.3 by a combined treatment with sodiumdiphosphate and an additional detergent. There is concern, however, that the application of a detergent aggravates cell damage by mechanical forces (e.g. Amalfitano and Fazi 2008) with negative consequences for cultivation-based analyses. In the end, any procedure targeted at cell detachment from sediments is a compromise between too soft (low recovery) and too harsh treatment (Buesing and Gessner 2002) . The reported bacterial densities in the bottom sediments (Fig. 2) and the derived sediment-to-water ratios might thus be subject to underestimation and should be regarded as lower-bound estimates. Consequently, when we analyzed the incidence of ARB and ARGs in sections 'Antibiotic resistance of E. coli' and 'Relative abundance of ARGs', we compared sediment and water in terms of proportions (rather than absolute abundances). This comes with the implicit assumption supported by results of Buesing and Gessner (2002) that the proportions are insensitive to the amount of extracted cells (or DNA).
Impact of treated waste water disposal
The discharge of treated waste water into the stream in between the two sampling sites (Fig. 1 ) did not have a strong effect on the abundances of total bacteria or total E. coli, respectively. The mean absolute abundance of total bacteria in the river water upstream of the treatment plant (site A) was approximately 5 × 10 5 ml −1 , assuming three copies of the 16S rRNA gene per cell on average (Stoddard et al. 2015) . Even though the 16S rRNA gene abundance in the processed waste water was five times higher (2.5 × 10 6 ml −1 ), the treatment plant had little effect on the in-river abundance at site B (Fig. 2, left plot) . This was in agreement with expectation, considering that the plant's effluent was diluted by factors of 1:25-1:65 upon mixing with river water. Likewise, the input of treated waste water did not have a significant influence on the abundance of total E. coli cells in stream water quantified through the yccT gene (Fig. 2 , central column; p-value for difference in medians > 0.1). The average number of yccT gene copies found in river water was approximately 220 ml −1 (independent of the sampling site) compared to 430 copies ml −1 in treated waste water.
Regarding the culturable fraction of E. coli, the in-river abundance was slightly increased at site B (mean: 12 CFU ml −1 ) compared to site A (4 CFU ml −1 ; see right plot in Fig. 2 ; p < 0.05 in the Wilcoxon signed rank test). These numbers were consistent with the higher abundance of yccT genes in the plant's effluent as well as differences in culturability. For all sampling dates, the CFU numbers grown on mFC-agar was higher at site B (mean: 9%) than at site A (5%; p < 0.05). This compared to almost 24% for treated waste water (Table 3) . Overall, the observed load of culturable E. coli downstream of the treatment plant was in good accordance with mass balance considerations. In the bottom sediment, the effect of waste water disposal was not detectable (grey bars in Fig. 2 ). For any of the indicators (16S rRNA gene copies, yccT copies, E. coli CFU counts), the median values at the two sampling sites were essentially indistinguishable (permutation test yields p > 0.5).
Methodological aspects
It is straightforward to quantify the fraction of culturable E. coli by relating the number of grown colonies (Fig. 2, right  panel) to the number of yccT gene copies (middle panel; results shown in Table 3 ). This, however, disregards the fact that some gene copies captured by qPCR originated from viable-but-notculturable cells, dead cells or free E. coli DNA, where the latter is possibly stabilized by attachment to sediment particles. Based on our data, it was impossible to reliably assess cell viability. We propose to resolve this methodological deficiency by treating future samples with propidium monoazide (PMA) prior to DNA isolation (Alexander et al. 2016 ). The membran-impermeant dye PMA selectively pentrates dead cells with compromised membranes. It intercalates into the DNA and, by covalently crosslinking to it, PMA stongly inhibits PCR amplification (Nocker et al. 2007 ).
Antibiotic resistance of E. coli
Plotting the percentage of resistant E. coli isolates for all sampling sites and compartments yielded a clear visual pattern (Fig. 3) . The incidence of phenotypic resistance differed considerably between the groups of drugs. Within a particular group, however, the percentages showed less variation.
The highest proportion of isolates was resistant against penicillins whereas phenotypic resistance against carbapenems rarely occurred. Looking at AMP, AMC and TIC, it was obvious that the high incidence of resistance against penicillins was not a sole effect of the particular waste water effluent located in between the sampling sites (treatment plant 1 in Fig. 1 ). The likelihood of picking a resistant cell was already > 1:5 upstream of the plant as indicated by the black boxes at top left of Fig. 3 .
To test whether the proportion of resistant isolates differed between stream water (w) and the ESPW (p) we computed the odds ratio
with R and S denoting the number of resistant and susceptible isolates, respectively. Employing Fisher's test, we aimed to reject the null hypothesis according to which the proportion R/S is the same in stream water and ESPW (i.e. OR = 1). Contrary to our hypothesis, the percentage of E. coli isolates showing resistance to the ß-lactams AMP, PRL and TIC was significantly lower in ESPW compared to stream water (OR < 1; see top of Table 2 ). The situation was consistently observed at both sampling sites A and B.
For two fluoroquinolones (LEV, NOR) and one of the cephalosporins (FOX), the odds ratios suggested an increased likelihood of resistance in the sediment-borne E. coli isolates.
With the exception of LEV at site A, the differences between stream water and ESPW were not significant at the 5% level. However, there was a rather high chance that the lack of significance was due to the limited size of the compared samples as indicated by the low statistical power (Table 2, rightmost column) .
For all other drugs tested, the data in Table 2 did not provide evidence for the hypothesis according to which the proportion of resistant E. coli differs between sediment and water compartment. Many of the odds ratios were either close to one or the results for the individual sampling sites were contradictory. For some antibiotics, e.g. ertapenem, the empirical odds ratios were exceptionally high. Taking into account the very low number of resistant isolates, however, it is clear that random effects cannot be excluded. Way more samples would need to be analyzed in order to make reliable statements about the occurrence of those rare resistances in general and spatial disparities in particular.
The susceptibility data underlying Fig. 3 and Table 2 were also used to study the prevalence of multi-resistant E. coli. It turned out that approximately 20% of the isolates carried a combined resistance against two or more classes of antibiotics (Fig. 4 , second group from left). About 10% of the isolates were resistant to antimicrobial drugs from three or more classes.
A combined resistance against penicillins and cephalosporins was common in the entire collection of E. coli isolates. The corresponding Jaccard index (Jaccard 1912) was 29%; hence, almost 1/3 of the strains being resistant to an antibiotic from either class were subject to a combined resistance. Coresistances against aminoglycosides and cephalosporins were frequently observed as well (Jaccard index 20%). Finally, isolates that grew under exposure to sulfamethoxazol-trimethoprim (SXT) showed an increased likelihood of being resistant against other antibiotics too (Jaccard index 23%). For a sound statistical comparison of water-and sediment-borne E. coli with respect to co-resistance patterns an even larger collection of isolates would be required. However, the aggregated statistics in Fig. 4 indicated that multi-resistance occurred in both stream water and ESPW with similar frequencies. The data for penicillin resistance in E. coli isolates demonstrated that the river's water column and bottom sediments must be considered as two environmental compartments. Apparently, the intensity of hyporheic mixing was small enough to allow for an establishment of two distinct E. coli populations exhibiting statistically significant differences with respect to phenotypic antimicrobial resistance. Such differences can be explained by several alternative mechanisms.
The first possible explanation is that the distribution of antibiotic resistant E. coli across the two compartments reflects the import of E. coli cells from external sources. For E. coli, we can assume that the river water is continuously restocked with strains originating from environments that positively select for resistance, i.e. guts of humans (see, e.g. Fig. 3 , second row) and livestock treated with antibiotics. If those strains were unable to persist under the prevailing in-river conditions, we would see an increased level of resistance in the water-borne bacteria as compared to an environmentally adapted, sediment-borne community. The outlined mechanism provides a plausible explanation for the AMP, PRL and TIC data reported at the top of Table 2 . In particular, this mechanism could explain the fact that, for the three mentioned penicillins, OR is lower at site B which is exposed to a higher load of treated waste water than site A. But why do not we find the same pattern for resistances against other antibiotics? On the one hand, this may be due to the fact that penicillins are the most frequently used class of antibiotics in both the German health care and agricultural sectors (European Centre for Disease Prevention and Control 2016; European Medicines Agency 2016). On the other hand, resistances against other groups occur less frequently in general and our data base (Table 2 ) may still be too small to reliably detect the proposed effect of bacteria import.
Selection is another mechanism that may cause stream water and sediments to exhibit different levels of ARB and ARGs, respectively. Since selection involves several generations, it is more likely to be relevant in the immobile sediment phase rather than in the quickly moving water column. The lower proportion of penicillin resistant strains in the ESPW, for example, may be a result of negative selection, provided that ambient penicillin levels are negligibly low and carriage of the respective resistance is costly for the bacterial host. Negative selection could even occur if the fitness penalty is not due to penicillin resistance itself but due to another trait being associated with that resistance (e.g. carriage of costly plasmids). Theoretically, the higher level of penicillin resistance in water-borne E. coli could also reflect positive selection. This is quite unlikely, however, since residence times in the stream are short and effective ß-lactam concentrations are rarely found in surface waters owing to rapid hydrolysis (Kemper et al. 2007) .
On the contrary, positive selection provides a plausible explanation for the observed levofloxacin (LEV) and norfloxacin (NOR) resistances in E. coli (Table 2) . Fluoroquinolones are only partly metabolized while passing the body and they are known to strongly bind to topsoil and sediments (Sukul and Spiteller 2007; Li and Zhang 2010; Marti et al. 2014 ). Hence, it seems possible that the accumulation of resistance in sediment-borne E. coli results from exposure to increased levels of the antimicrobials in biofilms and pore water. Given that extremely low antibiotic levels are sufficient to positively select for resistance (Gullberg et al. 2011), the importance of small spatial disparities in drug concentrations cannot be overrated and should receive more attention in future studies. Further work is necessary to reveal which of the mechanisms discussed above actually control the distribution of resistant E. coli isolates over the studied compartment. In particular, it seems promising to run further analyses targeted at a discrimination of E. coli phylotypes (Clermont et al. 2013) .
Two major conclusions can be drawn from the phenotypic antibiotic resistance data obtained for E. coli. First, the level of antibiotic resistance differed between sediment-borne and water-borne isolates, at least for some classes of antibiotics. Hence, monitoring resistance in just one of the compartments does not yield a representative picture of the entire system. Second, the data presented in Table 2 suggested that, with the exception of penicillin resistance, the proportion of resistant strains in the sediment was not systematically reduced in comparison to the water column. Likewise, multi-resistances occurred with similar frequencies in the two compartments (Fig. 4) . These facts need to be accounted for when the potential impact of sediment resuspension on the 'load of resistance' in the water column is to be estimated (Section 'Potential remobilization of ARB from sediments').
Relative abundance of ARGs
The cultivation-based results presented thus far account for a small proportion of the bacterial community only. In fact, the data underlying Fig. 2 (left vs. middle panel) revealed that E. coli represented less than 0.1% of total bacteria (Table 3 ). The qPCRbased quantification of the resistance genes sul1, tetC, mecA, bla and bla KPC-3 was meant to compensate for this shortcoming. Generally, we normalized the number of resistance gene copies by the number of 16S rRNA gene copies to obtain an estimate of the percentage of total bacteria carrying the particular resistance (see, e.g., Marti, Jofre and Balcazar 2013) .
Among the amplified genes, sul1 and tetC showed the highest abundances, while the rather hospital-associated resistance genes bla and bla were found less frequently (Fig. 5) . The latter two genes encode for resistance against carbapenems that are currently used as last resort antibiotics (Papp-Wallace et al. 2011) . The lowest 16S rRNA gene-normalized abundance was measured for mecA encoding for methicillin resistance. This gene is mainly connected with Staphylococcus aureus (MRSA).
The observed differences between ESPW and stream water in terms of the mean relative ARG abundance were not statistically significant with the exception of tetC (p < 0.01 at site A and B; Wilcoxon rank sum test). Since the power of tests was limited by the number of samples per gene and site, the interpretation should rather focus on patterns. According to Fig. 5 , the higher maximum values of the relative ARG abundance were generally observed in ESPW. The same was true for both the conventional arithmetic means as well trimmed versions discarding the most extreme values. These patterns hold for all analyzed genes at both sampling sites. On the one hand, the consistently higher variability in the ESPW-borne samples was likely to reflect the greater spatial heterogeneity in the sediment as compared to stream water. On the other hand, the systematic shift in the mean values suggested that the relative abundance of ARGs was moderately increased in the ESPW in comparison to stream water. The latter fact seemed to be in contrast with the phenotypic resistance data gained on E. coli isolates (Section 'Antibiotic resistance of E. coli'). However, the apparent conflict is likely due to the fact that the qPCR-analysis covered the whole bacterial community instead of just one species. Moreover, the antibiotics targeted by the quantified ARGs were not identical to the antimicrobial drugs used in the susceptibility tests. Finally, relative abundances of ARGs and ARBs are difficult to compare in general due to variability in gene expression.
Our data suggested that the proportions of bla OXA-58 , bla KPC-3 and mecA-carrying bacteria in the water column declined as stream flow increases. It can be hypothesized that those resistance genes are mostly emitted from point sources at a rather constant load so that increasing stream flow causes higher dilution. In contrast, the levels of sul1 and tetC showed less variation with stream flow. This may indicate that the latter two genes were hosted by different bacterial populations. The connections between gene abundances and stream flow still wait for validation on an extended data set covering more diverse hydrological conditions.
Potential remobilization of ARB from sediments
Peaks in stream flow result in increased bottom shear stress causing a remobilization of deposited sediments. Reentrainment of attached bacteria associated with this process was explored earlier by Wilkinson et al. (1995) and Muirhead et al. (2004) for artificial flood conditions and by Nagels et al. (2002) or Jamieson et al. (2005) for natural runoff events.
In contrast to these empirical studies, we assessed the potential remobilization of resistant bacteria from the river bed by means of a simple scenario calculation. The impact of remobilization was quantified as the ratio L D /L U where L denotes suspended bacteria loads (cells [time] −1 ) at the upstream and downstream end of a reach of interest (subscripts D and U, respectively). If lateral in/outflow from the channel is neglected, the mass balance for a river section (Fig. 6 ) reads ). This equation does not account for sediment stability or the dynamics of shear stress and settling all of which are known to affect bacteria transport (Bai and Lung 2005; Pandey, Soupir and Rehmann 2012) . Equation 2 can be used, however, to obtain a worst-case estimate of the impact of sediment resuspension from the available information. Based on field observations, a significant mobilization of bed material at the study site was expected to occur at Q ≥ 0.4 m 3 s −1 .
Furthermore, according to our data (Fig. 2, left column) , the total bacteria abundance in the sediment exceeded the water column level by 1-2 log units (Section 'Bacterial densities in water and bottom sediments'). Considering the tendency to underestimate bacterial densities in the sediment owing to incomplete detachment, we chose C S /C U = 100. This is based on the observed ratio at sampling site A (mean C S /C U ≈ 50) and an assumed recovery of 50% of the bacteria during sample processing. If all bacteria from the sampled top 5 cm of the sediment are resuspended within one hour (u R = 0.05 h −1 ), Equation 2 predicts for a channel of 1 km length and a representative width of 6 m a value L D /L U ≈ 22. Hence, under the rather extreme condition of quick resuspension combined with moderate dilution, the load (or concentration) of suspended bacteria in the river would increase by a bit more than one log unit. This worstcase estimate also applies to ARB provided that the likelihood of resistance in the sediment and water phase is of comparable magnitude (cases with non-significant p-values in Table 2 ). In the case of NOR or FOX-resistant E. coli, for example, the estimate of L D /L U needs to be revised upwards (OR ≥ 2 according to Table 2 ). The data on the relative abundance of ARGs in stream water and ESPW (Fig. 5) even suggest a stronger upward correction by 1-2 log units.
We like to stress that the calculated impact of resuspension is conditioned on the study site and season. We anticipate a larger impact of bacteria remobilization from the river bed in systems with stronger accumulation of microbial biomass in the sediments. In particular, we expect pronounced peaks in bacteria loads, including the resistant fraction, when finegrained substrate rich in organics undergoes resuspension after an extended period of accumulation.
SYNTHESIS
We aimed to answer the question of whether the resuspension of bottom sediments is likely to cause a massive pollution of stream water with ARB or ARGs, respectively. Hypothetically, a strong impact of resuspension could result from (1) increased bacterial densities in the bottom sediment as compared to the water column and/or (2) an elevated proportion of resistant (or resistance gene carrying) cells among the sediment-borne community.
Our case study on a small river receiving moderate loads of treated waste water primarily supported the first part of the hypothesis. Bacterial abundances in the sediment were found to be substantially higher than in the water column that is in agreement with observations on other streams. However, we did not find strong support for the hypothesis' second part according to which the relative abundance of resistance is generally increased in the bottom sediments. With few exceptions, E. coli susceptibility tests did not reveal an elevated proportion of resistant isolates in ESPW as compared to stream water. Although the mean relative abundance of resistance genes was generally higher in ESPW than in water, the empirical differences did not meet the criteria of statistical significance for four out of five ARGs.
In consequence, the potential impact of sediment resuspension on the water-column levels of ARB and ARGs in the studied system appears to be moderate. Even under worst-case assumptions, we do not expect to see a long-lasting rise in the stream's load of ARB or ARGs by more than 2 log units resulting from sediment resuspension. In order to fully assess the impact of hydrological extremes on the stream's bacteria and gene loads, alternative sources must be considered too such as sewer overflows and surface runoff from farmland.
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